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2.5. ABSORPTION AND RETENTION

Cancer studies of lifetime and partial lifetime PCB exposure have been by ingestion only. Pharmacokinetic studies provide information about the potential for absorption and a risk of cancer by other exposure routes. Other studies have quantified the retention and persistence of PCBs in the body. This limited review focuses on the information that pertains to applying the dose-response assessment to dermal and inhalation exposure. More detailed information on these studies and on ingestion studies has been compiled by ATSDR (1993).

Humans absorb PCBs from ingestion, inhalation, and dermal exposure (ATSDR, 1993). Once absorbed, PCBs enter the circulation and are transported throughout the body. Initial distribution is to liver and muscle, which are highly perfused; subsequently, PCBs, being highly lipophilic, accumulate in fat and skin (Matthews and Anderson, 1975).

Inhalation can be a principal absorption route for occupational PCB exposure (Wolff, 1985). In animals, an inhaled PCB aerosol was rapidly absorbed, although rates were not estimated (ATSDR, 1993).

PCBs can cross human skin and increase the body burden. Dermal exposure can contribute significantly to body burdens of workers (Wolff, 1985) and can be a major route of environmental exposure (ATSDR, 1993). In vivo dermal absorption by rhesus monkeys exposed for 24 hours to soil containing 44 ppm Aroclor 1242 or 23 ppm Aroclor 1254 was 14 percent in each case (Wester et al., 1993). Earlier studies found similar absorption rates for PCBs in mineral oil, trichlorobenzene, and acetone (Wester et al., 1990). Subsequent washing did not remove all PCBs, especially if time had elapsed after exposure (Wester et al., 1983). In vitro human skin accumulation of Aroclor 1254 from water was 12 percent after a half hour (Wester et al., 1987) and 44 percent after 24 hours (Wester et al., 1990), suggesting absorption is rapid initially and continues at a slower rate with further contact.

PCBs are eliminated through metabolism, which occurs primarily in the liver (Matthews and Anderson, 1975). Metabolism rates are generally lower with high chlorine content, but chlorine position is also important (Hutzinger et al., 1974; Matthews and Anderson, 1975). Absence of chlorine at two adjacent positions facilitates metabolism (Matthews and Anderson, 1975). Metabolism and elimination can be quite slow; for example, the biological half-life of 2,4,5,2',4',5'-hexachlorobiphenyl exceeds the lifespan of rats (Matthews and Anderson, 1975).

In addition to variability by congener, there is human variability in PCB metabolism and elimination. People with decreased liver function, including inefficient glucuronidative mechanisms in infants, can have less capacity to metabolize and eliminate PCBs (Calabrese and Sorenson, 1977). Additionally, approximately five percent of nursing infants receive a steroid in human milk that inhibits the activity of glucuronyl transferase, further reducing PCB metabolism and elimination (Calabrese and Sorenson, 1977).

Persistent congeners can retain biological activity long after exposure stops; residual liver enzyme induction was observed in mice 42 weeks after a single dose of Aroclor 1254 (Anderson et al., 1991a). The majority of the retained mixture comprised 2,4,5,3'4'- and 2,3,4,3',4'-pentachlorobiphenyl and 2,4,5,2',4',5'- and 2,3,4,2',4',5'-hexachlorobiphenyl (see tables 2–5, 3–3, and 3–4).

Analysis of 1977 and 1985 serum levels in 58 Indiana workers exposed to PCBs yielded median half-lives of 2.6 years for Aroclor 1242 and 4.8 years for Aroclor 1254 (Phillips et al., 1989). Among workers with lowest concentrations (0–30 ppb), median half-lives were higher, 3.1 years for Aroclor 1242 and 6.5 years for Aroclor 1254. In another study in the same Indiana city, from 1977 to 1984 serum levels in five workers exposed to PCBs decreased 89–94 percent (median, 92 percent) for Aroclor 1242 and 14–53 percent (median, 16 percent) for Aroclor 1260; among six others without current occupational exposure, decreases were 23–71 percent (median, 39 percent) for total PCBs (Steele et al., 1986). Analysis of serum levels in the exposed workers yields half-lives of 2 years for Aroclor 1242 and 16 years for Aroclor 1260; in those without current occupational exposure, a half-life of 8 years for total serum PCBs.

A study of people exposed through eating contaminated fish suggests that these mixtures can be more persistent. From 1977 to 1985 mean serum levels (quantified using Aroclor 1260 as a reference standard) from 111 Great Lakes fish eaters decreased only slightly, from 20.5 to 19.0 ppb (Hovinga et al., 1992).

It is important to recognize that ascribing a half-life to a mixture is problematic if half-lives of its components differ widely; more specifically, half-life estimates for a mixture can underestimate its long-term persistence.

2.6. METABOLISM AND MODE OF ACTION IN THE LIVER

Mechanistic information provides insight and understanding of the biological activity of PCBs and their metabolites. The following discussion was contributed by peer reviewers Drs. Larry Robertson and Lucy Anderson.

Although the rate of metabolism is slow (Mills et al., 1985), PCBs may be converted by hepatic enzymes to hydroxylated metabolites. The relative rates of conversion are dependent on the number and placement of the chlorine atoms present. PCBs with fewer chlorines and with adjacent, unsubstituted carbon atoms are more readily susceptible to metabolic attack. Cytochrome P–450 isozymes may catalyze these hydroxylation reactions via an electrophilic arene oxide intermediate or via direct insertion mechanisms. Evidence for the intermediacy of arene oxides during PCB metabolism is found in the identification of (1) NIH-shift products, (2) dihydrodiol metabolites, (3) mercapturic acid products, and (4) sulfone metabolites (Sipes and Schnellman, 1987).

PCB metabolites with multiple hydroxyl groups also have been identified in animals and in microsomal incubations (McLean et al., 1996a). Dihydroxy metabolites may be oxidized in vitro to o- or p-quinones by peroxidases. In vitro studies have demonstrated that adducts of PCBs and nucleotides (dGp and dAp) or exogenous DNA may be formed during the hydroxylation step (from electrophilic arene oxides) and during the peroxidase-catalyzed oxidation of PCB catechol and hydroquinone metabolites to the respective o- and p-quinones (McLean et al., 1996b; Oakley et al., 1996). Hydroxylated PCB metabolites may have estrogenic activity (Gierthy et al., 1995).

Higher halogenated PCBs may be efficacious inducers of xenobiotic-metabolizing enzymes, although they are poor substrates. Several PCBs, possessing no or one ortho chlorine, bind the aryl hydrocarbon receptor with avidity (Bandiera et al., 1982) and induce cytochrome P–450 1A. Several di-ortho substituted PCBs induce cytochrome P–450s as does phenobarbital, while other congeneric PCBs may induce cytochrome P–450s from both subfamilies. Many of these PCBs may also induce epoxide hydrolase, glutathione transferases, and glucuronosyl transferases. Induction of xenobiotic metabolites may be accompanied by an increase in hepatic cell size and number and a proliferation of the endoplasmic reticulum. The persistent induction of hepatic cytochrome P–450s, in the absence of an oxidizable xenobiotic substrate, may provide suitable conditions for generation of reactive oxygen species.

Several PCBs tested as promoters in rat two-stage hepatocarcinogenesis were efficacious when they were administered at doses that caused liver hypertrophy and the induction of cytochrome P–450s (Silberhorn et al., 1990). Promoter activity has been observed among groups of PCB congeners that have been characterized as having widely different kinds of biological activity, including congeners that are aryl hydrocarbon agonists, congeners that induce cytochrome P–450 1A and 2B isozymes, and congeners that have a pattern of enzyme induction similar to that of phenobarbital. This may indicate multiple mechanisms of action for promotion (Buchmann et al., 1991). Congeneric PCBs may interfere with gap-junctional intercellular communication via structure-specific mechanisms. Mono- and di-ortho chlorine substituted PCBs were more active (Swierenga et al., 1990).

2.7. MODE OF ACTION IN THE THYROID

Recent mechanistic insights into thyroid carcinogenesis provide a rationale for choosing a dose-response approach for thyroid tumors. The following discussion was contributed by EPA consensus reviewer Dr. Richard Hill.

Thyroid tumors are noted for PCBs (Brunner et al., 1996) and for structurally related 2,3,7,8-tetrachlorodibenzo-p-dioxin (NTP, 1982). These compounds are accompanied by a lack of mutagenic activity in many different test systems. Liver microsomal enzyme inducers of both the AHH and PB types, which include the PCBs, commonly increase the metabolism and excretion of thyroid hormone (McClain, 1989). Depending upon the compound, there may be increased clearance of thyroid hormone from the blood, accentuated binding of the hormone in the liver, increased glucuronidation of the hormone following induction of UDP-glucuronyl transferase (Barter and Klaassen, 1992), increased bile flow and increased excretion of hormone in the bile. Effects are usually more pronounced for thyroxine (T4) than triiodothyronine (T3).

PCBs have effects on thyroid hormone status independent of their influence on thyroid hormone metabolism and excretion. They cause damage to follicular cells (Kasza et al., 1978; Byrne et al., 1987) and bind to and possibly displace thyroid hormone from plasma protein carriers (Rickenbacher et al., 1986). Both of these may contribute to a reduction in effective levels of circulating thyroid hormone.

Decreases in circulating thyroid hormone stimulate the pituitary by negative feedback to increase the output of thyroid stimulating hormone (TSH). TSH is a trophic hormone for the thyroid, resulting in the increased synthesis of thyroid hormone. When thyroid hormone needs cannot be met by existing follicular cells, cells undergo hypertrophy and diffuse hyperplasia. With continuing disruption in thyroid-pituitary status, focal hyperplasia and then benign and malignant neoplasms develop (Hill et al., 1987).

It is not totally clear whether hormonal derangement noted in rodents is a factor in the development of thyroid tumors in humans. Some studies of persons with iodide deficiency or inborn deficiency in the synthesis of thyroid hormone support the contention, while others do not. At this time there is not enough information to dismiss the animal model as not being relevant to human thyroid carcinogenesis. Even if humans are susceptible to cancer from thyroid-pituitary disruption, existing information indicates that humans are less sensitive than rodents (Hill et al., 1987).

Thyroid cancer risks in rodents exist under conditions of disruption in thyroid-pituitary status. When, however, circulating levels of thyroid hormone and TSH pertain, risks would be expected to be minimal. Such findings are best expressed by nonlinear dose-response relationships. In assessing the risks from thyroid tumors, one would want dose-response and time-action data from repeat dose studies on such things as thyroid weight and morphology, UDP-glucuronyl transferase activity, and thyroid hormone and TSH levels. Points of departure for evaluation of risks could be determined from doses not associated with perturbations in thyroid status. Margin of exposure—the ratio of the point of departure to expected human exposure levels—could be used to express the nonlinear risks.

3. DOSE-RESPONSE ASSESSMENT

3.1. APPROACHES TO DOSE-RESPONSE ASSESSMENT

Dose-response assessment begins with consideration of developing a biologically based model, that is, a model whose mathematical structure reflects the ascertained mode of action and whose parameters are measured in experimental studies. Biologically based models have been developed for 2,4,2',5'- and 3,4,3',4'-tetrachlorobiphenyl; few congeners or mixtures, however, have been tested to measure the rate parameters that would be used in a biologically based model. Further, PCBs can cause cancer through multiple modes of action (Safe, 1990, 1994), indicating a need for multiple models. Consequently, the information available at this time is more suited to empirical modeling, where a flexible default model—allowing either linearity or nonlinearity—is fitted to describe tumor incidence as a function of dose in the experimental range.

Extrapolation to lower doses considers both linear and nonlinear approaches, with a linear default if there is not sufficient information to support a sublinear model (U.S. EPA, 1986a, 1996a). This policy rests, in part, on some general considerations. Low-dose-linear models are appropriate for extrapolation to lower doses when a carcinogen acts in concert with other exposures and processes that cause a background incidence of cancer (Crump et al., 1976; Lutz, 1990). Further, even when the mode of action indicates a nonlinear dose-response curve in homogeneous animal populations, the presence of genetic and lifestyle factors in a heterogeneous human population tends to make the dose-response curve more linear (Lutz, 1990). This is because genetic and lifestyle factors contribute to a wider spread of human sensitivity, which extends and straightens the dose-response curve over a wider range. Although these considerations provide a reasonable argument for a model that is linear at low doses, the relation of the low-dose slope to one from the experimental range is uncertain; this uncertainty increases with the distance from the experimental range.

PCBs give generally negative results in tests of genetic activity (ATSDR, 1993), implying that PCBs induce tumors primarily through modes of action that do not involve gene mutation. This raises the possibility of a nonlinear dose-response curve. There is, however, no dose-response information on either tumors or tumor precursors to describe the dose range where the curve would be sublinear. At the low end of the experimental range (25–100 ppm), dose-response curves are not sublinear, as tumor incidence declines less than proportionately with dose for Aroclors 1260, 1254, and 1242 (Brunner et al., 1996). At much lower doses, some PCB congeners add to the considerable background of human exposure to dioxin-like compounds and augment processes associated with dioxin toxicity, providing a linear component to the dose-response curve. Between these supralinear and linear dose ranges there is no dose-response information; consequently, the information available at this time is more suited to linear extrapolation.

Environmental PCBs occur as mixtures, prompting consideration of which agents provide the most appropriate basis for an assessment. EPA's mixture guidelines (U.S. EPA, 1986b) favor basing assessments on the effects of the mixture of interest; the second choice is to use a sufficiently similar mixture; next, to assess the components of the mixture. The guidelines further advise,

Attention should also be given to the persistence of the mixture in the environment as well as to the variability of the mixture composition over time or from different sources of emissions. If the components of the mixture are known to partition into different environmental compartments or to degrade or transform at different rates in the environment, then those factors must also be taken into account, or the confidence in and applicability of the risk assessment is diminished.

There are no cancer studies of PCB mixtures found in the environment. Studies are available for some commercial mixtures, though their similarity to an environmental mixture can be a matter of considerable uncertainty as mixtures are partitioned, transformed, and bioaccumulated in the environment. Assessing mixture components is not now a viable alternative, because only a few congeners have been tested, none in long-term carcinogenesis studies. Thus assessments of environmental mixtures must use information on commercial mixtures. Partitioning, transformation, and bioaccumulation in the environment, however, must also be taken into account.

Risk estimates can be derived from either human or animal studies; each has strengths and limitations. Estimates derived from human studies reflect an observed association between human exposure and cancer; however, it is difficult to reconstruct reliable estimates of past exposure and separate the effect of confounding exposures to other carcinogens. Estimates derived from animal studies benefit from controlled exposures and absence of confounding factors; however, there is uncertainty in extrapolating dose and response rates across species. EPA's cancer guidelines (U.S. EPA, 1986a, 1996a) favor basing dose-response assessments on human studies. In the absence of adequate human information, assessments use animal species responding most like humans. If this cannot be determined, assessments emphasize long-term animal studies showing the greatest sensitivity, with due regard to biological relevance, exposure route, and statistical considerations; this default is considered to be conservative, tending toward public health protection.

For PCBs, the human studies involve relatively few cancer cases and lack contemporaneous exposure estimates. Some studies report air concentrations, but because skin contact is a major route of occupational exposure, air concentrations would be a poor measure of exposure (Bertazzi et al., 1987; Brown, 1987). Some studies report blood levels, but for relatively few workers at the end of exposure (Bertazzi et al., 1987; Brown, 1987; Taylor, 1988; Sinks et al., 1992). Reconstruction of past exposure is problematic because different mixtures had been in use over the years, the distribution of exposure and absorption by route and congener is unknown, and congener persistence in the body varies greatly from congener to congener (Brown, 1994) and person to person (Steele et al., 1986). Similarly, adjustment for confounding exposures to other potential carcinogens, many of them unidentified, is also problematic. Because of these limitations in quantitative information, the human studies are not well suited to dose-response assessment. Because of their controlled exposures, absence of confounding factors, and ability to provide comparable information on a range of different mixtures, the animal studies will be used for dose-response modeling.

A biologically based model for two congeners is discussed in section 3.2. Empirical models are developed and discussed in section 3.3. Analyses of congener toxicity are discussed in section 3.4.

3.2. BIOLOGICALLY BASED MODELING OF TUMOR PROMOTION

Using a two-stage carcinogenesis model, Luebeck et al. (1991) modeled tumor promoting activity of 2,4,2',5'- and 3,4,3',4'-tetrachlorobiphenyl, based on the study of Buchmann et al. (1991). Female Wistar rats were initiated with 10 mg/kg-d diethylnitrosamine for 10 days, followed by eight weekly injections of 10 or 150 umol/kg of various compounds. The rats were killed 1 or 9 weeks later, and preneoplastic activity was characterized by changes in ATPase and GGT activity.

Because results are available for two times after dosing stopped, modeling can assess persistence of promoting activity. There was little or no promoting activity by 2,4,2',5'-tetrachlorobiphenyl after dosing stopped, but 3,4,3',4'-tetrachlorobiphenyl continued to promote vigorously (Luebeck et al., 1991).

Modeling can also estimate the probability of altered foci becoming extinct; that is, disappearing after dosing stops. After dosing stops, the probability of extinction is high, as most altered foci do not develop into observable tumors. Those that become large, however, tend to persist, as the probability of extinction decreases as size increases (Luebeck et al., 1991).

3.3. EMPIRICAL MODELING OF TUMOR INCIDENCE

The new feeding study by Brunner et al. (1996), with parallel experiments for four commercial mixtures in both sexes of rats, provides the most comprehensive information for empirical modeling. Each experiment tested several dose levels, providing information about the shape of the dose-response curve in the experimental range. For each mixture and sex, a linear-quadratic multistage model (Howe et al., 1986) was fitted to experimental results. Dose was expressed as a lifetime daily average (U.S. EPA, 1986a, 1992a), calculated from weekly body weight measurements and food consumption estimates (Keenan and Stickney, 1996). Doses were scaled to humans using a factor based on the 3/4 power of relative body weight (U.S. EPA, 1992b). Response was taken as the incidence of hepatocellular adenomas or carcinomas; combining adenomas and carcinomas reflects guidance of the National Toxicology Program (McConnell et al., 1986) and the observed progression of hepatocellular adenomas to carcinomas (Norback and Weltman, 1985).

Cancer potency is described by an ED10 (estimated dose associated with 10 percent increased incidence) and its lower bound, LED10. ED10s have been used both for potency ranking and as a starting point for low-dose extrapolation (Cogliano, 1986; U.S. EPA, 1988b, 1994a; National Research Council, 1993). These measures are expressed as equivalent human doses.

For extrapolation to lower doses, an ED10 can be converted to a slope by computing 0.10/ED10. (Note that slopes are inversely proportional to ED10s; high potency is indicated by high slopes, but low ED10s.) Similarly, an upper-bound slope can be obtained by computing 0.10/LED10. Formerly, upper-bound slopes were calculated by the linearized multistage procedure (U.S. EPA, 1980, 1986a); these are reported in the appendix as "q1*"s. The LED10 method and the linearized multistage procedure give similar upper-bound slopes; for example, for female rats fed Aroclor 1254, the LED10 method and the linearized multistage procedure give upper-bound slopes of 1.5 and 1.6 per mg/kg-d, respectively. Potency and slope estimates are compiled in table 3–1; details supporting the calculations appear in appendix tables A–1 through A–8.
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For the thyroid tumors, no meaningful ED10 or LED10 can be computed. The dose-response curves for each Aroclor are virtually horizontal across the experimental range, so mathematical models cannot determine whether a dose-response curve begins to be sublinear immediately below the experimental range or whether it remains horizontal for several orders of magnitude below the experimental range before becoming sublinear. This difficulty transcends PCBs and thyroid tumors; in general, there would be an unacceptable level of uncertainty in using a sublinear extrapolation approach when study results in the experimental range are not at all sublinear.

3.4. ANALYSES OF CONGENER TOXICITY

McFarland and Clarke (1989) explain how toxicity of some PCB congeners is correlated with induction of mixed-function oxidases. Some congeners are described as phenobarbital-type inducers, others as 3-methylcholanthrene-type inducers, and some as having mixed inducing properties. The latter two groups most resemble 2,3,7,8-tetrachlorodibenzo-p-dioxin in structure and toxicity. Based on potential for toxicity (some forms of toxicity, for example, neurotoxicity, may not be well represented) and frequency of occurrence in environmental samples, 36 congeners of highest concern were identified and classified (see table 3–3).

 

 

Table 3–3. PCB congeners of highest concern

Highest toxicity High toxicity Abundant in Potential

and abundancea and abundanceb environmentc for toxicityd

3–MC-type inducers: PB-type inducers: 

18: 2,5,2'–TrCB 

37: 3,4,4'–TrCB

77: 3,4,3',4'–TeCB 

87: 2,3,4,2',5'–PeCB 

44: 2,3,2',5'–TeCB 

81: 3,4,5,4'–TeCB

126: 3,4,5,3',4'–PeCB 

99: 2,4,5,2',4'–PeCB 

49: 2,4,2',5'–TeCB 

114: 2,3,4,5,4'–PeCB

169: 3,4,5,3',4',5'–HxCB 

101: 2,4,5,2',5'–PeCB 

52: 2,5,2',5'–TeCB 

119: 2,4,6,3',4'–PeCB

153: 2,4,5,2',4',5'–HxCB 

70: 2,5,3',4'–TeCB 

123: 3,4,5,2',4'–PeCB

Mixed-type inducers: 

180: 2,3,4,5,2',4',5'–HpCB 

74: 2,4,5,4'–TeCB 

157: 2,3,4,3',4',5'–HxCB

105: 2,3,4,3',4'–PeCB 

183: 2,3,4,6,2',4',5'–HpCB 

151: 2,3,5,6,2',5'–HxCB 

158: 2,3,4,3',4',6'–HxCB

118: 2,4,5,3',4'–PeCB 

194: 2,3,4,5,2',3',4',5'–OCB 

177: 2,3,5,6,2',3',4'–HpCB 

167: 2,4,5,3',4',5'–HxCB

128: 2,3,4,2',3',4'–HxCB 

187: 2,3,5,6,2',4',5'–HpCB 

168: 2,4,6,3',4',5'–HxCB

138: 2,3,4,2',4',5'–HxCB 

201: 2,3,4,5,2',3',5',6'–OCB 

189: 2,3,4,5,3',4',5'–HpCB

156: 2,3,4,5,3',4'–HxCB

170: 2,3,4,5,2',3',4'–HpCB

aPure 3-methylcholanthrene-type inducers and mixed-type inducers reported frequently in environmental samples.

bPhenobarbital-type inducers reported frequently in environmental samples.

cWeak inducers or noninducers reported frequently in environmental samples.

dMixed-type inducers not reported frequently in environmental samples, but toxicologically active.

Source: Adapted from McFarland and Clarke (1989).

 

U.S. EPA (1991) examined toxic effects, including cancer, of four structural classes: dioxin-like PCBs, ortho-substituted PCBs, hydroxylated metabolites, and sulfonated metabolites. Different mechanisms were discussed for dioxin-like and other PCBs. It was concluded that congener toxicity could not be characterized by chlorine content alone. Before adopting toxic equivalence factors (TEFs) for PCB congeners, it was recommended to define other classes of PCBs and identify the mechanisms involved. Criteria for developing TEFs were listed as (1) a demonstrated need, (2) a well defined group of chemicals, (3) a broad base of toxicological data, (4) consistency in the relative toxicity of congeners across toxicological endpoints, (5) demonstrated additivity between the toxicity of individual congeners, (6) a mechanistic rationale, and (7) consensus.

Safe (1990, 1994) characterized dioxin-like PCBs as eliciting a spectrum of biochemical and toxic responses similar to chlorinated dibenzo-p-dioxins and dibenzofurans, all acting through the aryl hydrocarbon receptor. Based on quantitative structure-activity studies, the first conservative TEFs for dioxin-like PCBs were proposed and refined. Use of these TEFs is limited to responses mediated through the aryl hydrocarbon receptor.

Subsequently, WHO (World Health Organization) derived TEFs for dioxin-like PCBs (Ahlborg et al., 1994). Included were congeners that show structural similarity to chlorinated dibenzo-p-dioxins and dibenzofurans, bind to the aryl hydrocarbon receptor, elicit dioxin-specific biochemical and toxic responses, and persist and accumulate in the food chain. On the basis of these criteria, 13 PCB congeners were assigned TEFs, expressed as a fraction of the toxicity of 2,3,7,8-tetrachlorodibenzo-p-dioxin (see table 3–4). As new information is developed, these TEFs could change, or TEFs for additional congeners could be developed. Section 4 gives guidance, and section 5 an example, for applying these TEFs where a congener analysis is available.

4. APPLICATION OF THE DOSE-RESPONSE ASSESSMENT

4.1. APPLICATION TO PCB MIXTURES IN THE ENVIRONMENT

After release into the environment, PCB mixtures change through partitioning, transformation, and bioaccumulation, differing considerably from commercial mixtures. How can toxicity values for commercial mixtures be applied to mixtures in the environment?

A consensus is emerging on the difficulty of assessing environmental mixtures by reference to Aroclors. Safe (1994) wrote, "Regulatory agencies and environmental scientists have recognized that the composition of PCBs in most environmental extracts does not resemble the composition of the commercial products." Along similar lines, ATSDR (1993) advised,

It is important to recognize that the PCBs to which people may be exposed are likely to be different from the original PCB source because of changes in congener and impurity composition resulting from differential partitioning and transformation in the environment and differential biological metabolism and retention. Because of this concern, current data are considered inadequate to differentiate between the toxicity and carcinogenicity of environmental PCB mixtures with any reasonable degree of confidence.

For these reasons, risks from environmental mixtures are not assessed by characterizing environmental mixtures as if they were Aroclors. This does not mean that all environmental mixtures are regarded as equally potent; environmental mixtures differ from commercial mixtures and from each other. To make distinctions about risks from environmental mixtures, the range of potency observed for commercial mixtures can be considered along with factors that increase or decrease risk.

First among these is persistence and bioaccumulation through the food chain. Each species, in turn, retains persistent congeners that prove resistant to metabolism and elimination (Oliver and Niimi, 1988). Bioaccumulated PCBs appear to be more toxic than commercial PCBs (Aulerich et al., 1986). Mink fed Great Lakes fish contaminated with PCBs showed liver and reproductive toxicity comparable to mink fed Aroclor 1254 at quantities three times greater (Hornshaw et al., 1983). It is crucial to recognize that commercial PCBs tested in laboratory animals were not subject to prior selective retention of persistent congeners through the food chain. For exposure through the food chain, risks can be higher than those estimated in this assessment.

Also important is the presence or absence of congeners and metabolites that contribute to cancer induction. Mechanistic studies are beginning to identify these congeners and describe their modes of action. Several congeners have dioxin-like activity (Ahlborg et al., 1994; Safe, 1994), some promote tumors through different modes of action (Buchmann et al., 1991). Because concentrations of these congeners are altered by partitioning, transformation, and bioaccumulation in the environment, risks from environmental mixtures can differ from those of commercial mixtures. Congener analyses of environmental samples can provide information on the extent of this difference and can be an important tool in risk assessment, particularly when fish consumption is an issue.

Chlorine content was formerly regarded by some scientists as correlated with cancer risk. Recently, however, Aroclor 1254 was found to be more potent than 1260, which was only slightly more potent than 1242 (Brunner et al., 1996). This casts doubt on chlorine content being a useful indicator of cancer potency in this range of chlorine content; both the number and position of chlorines are important. It is instructive to compare how the Aroclors rank by other measures. With respect to resistance to metabolism and persistence in the body, there is an association with chlorine content, which partially explains the greater experimental potency of commercial mixtures with higher chlorine content. With respect to dioxin toxic equivalents (TEQs), however, several studies have ranked Aroclor 1254, 1248, and 1242 as more potent than 1260 (Harper et al., 1995; Safe, 1994; Harris et al., 1993; Hong et al., 1993; Schulz et al., 1989). The combined effect is difficult to predict, as Aroclor 1260 and mixtures with higher chlorine content have lower dioxin TEQs but persist longer in the environment and in the body.

A key finding is the several-fold lower potency of Aroclor 1016 compared with 1242 (Brunner et al., 1996). Though these mixtures are similar in average chlorine content (41 and 42 percent, respectively), Aroclor 1016 has virtually no congeners with more than four chlorines. This suggests that one way to differentiate less potent mixtures is to verify the absence of congeners with more than four chlorines.

Since mixtures of congeners with more than four chlorines cannot be assessed using chlorine content alone, other determinants of toxicity are used. Two important determinants, persistence and bioaccumulation, can be related to exposure pathway. (Persistence is not synonymous with toxicity; however, in the absence of testing on most congeners, it is reasonable to suppose some correlation between persistence and toxicity.) Evaporated or dissolved congeners tend to be lower in chlorine content than the original mixture; they tend also to be more inclined to metabolism and elimination and lower in persistence and toxicity. On the other hand, congeners adsorbed to sediment or soil tend to be higher in chlorine content and persistence, and bioaccumulated congeners ingested through the food chain tend to be highest of all. Rates of these processes vary over several orders of magnitude (Hutzinger et al., 1974; Erickson, 1986), thus the effect of environmental processes can be greater than the spread in potency or slope estimated from commercial mixtures.

For these reasons, a tiered approach is recommended. The default tier uses exposure pathway to choose appropriate potency values from the ranges described in table 3–2. The highest observed potency from these ranges is appropriate for food chain exposure, sediment or soil ingestion, and dust or aerosol inhalation, pathways where environmental processes tend to increase risk. Lower potencies are appropriate for ingestion of water-soluble congeners or inhalation of evaporated congeners, pathways where environmental processes tend to decrease risk. To the extent that drinking water or ambient air contains contaminated sediment or dust, the higher potency values would be appropriate, as congeners adsorbed to sediment or dust tend to be of high chlorine content and persistence, especially for sediment or dust with high organic content. Since the lowest observed potency, based on studies to date, is derived from Aroclor 1016, its use is most appropriate in the absence of congeners with more than four chlorines. When congeners with more than four chlorines are present, but exposure is by drinking water ingestion or vapor inhalation, potency values derived from the next lowest tested mixture, Aroclor 1242, can be more appropriate.

Thus three reference points can be designated for each range (see table 4–1): a "high risk" point based on studies of Aroclor 1260 and 1254, which give the highest observed potencies; a "low risk" point, based on the study of Aroclor 1242; and a "lowest risk" point, based on the study of Aroclor 1016. The "high risk" point is used for exposure pathways associated with environmental processes that tend to increase risk; the "low risk" point, for exposure pathways that tend to decrease risk; and the "lowest risk" point, for cases where congener or isomer analyses verify that congeners with more than four chlorines comprise less than one-half percent of total PCBs, suggesting that potency is best represented by the least potent tested mixture. This demonstrates a potential use of congener analysis of environmental samples. Section 5 provides a series of examples illustrating this tiered approach.

 

 

 

